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Controlled reduced tide (CRT)
A B S T R A C T
In places where tidal marshes were formerly embanked for agricultural land use, these marshes are nowadays
increasingly restored with the aim to regain important ecosystem services. However, there is growing evidence
that restored tidal marshes and their services develop slowly and differ from natural tidal marshes in many
aspects. Here we focus on groundwater dynamics, because these affect several key ecosystem functions and
services, such as nutrient cycling and vegetation development. We hypothesize that groundwater dynamics in
restored tidal marshes are reduced as compared to natural marshes because of the difference in soil structure. In
the macro-tidal Schelde estuary (Belgium), in both a natural and a restored (since 2006) freshwater tidal marsh,
we measured depth profiles of soil properties (grain size distribution, LOI (loss on ignition), moisture content
and bulk density) and temporal dynamics of groundwater levels along a transect with increasing distance from a
tidal creek. X-ray micro CT-scanning was used to quantify soil macroporosity. The restored marsh has a two-
layered soil stratigraphy with a topsoil of freshly accreted sediment (ranging in depth between 10 and 60 cm,
deposited since 2006) and a subsoil of compact relict agricultural soil. We found that both the soil in the natural
marsh and the topsoil of the restored marsh consist of loosely packed sediment rich in macropores and organic
matter, whereas the relict agricultural soil in the restored marsh is densely packed and has few macropores. Our
results show that groundwater level fluctuations in the restored marsh are restricted to the top layer of newly
deposited sediment (i.e. on average 0.08m depth). Groundwater level fluctuations in the natural marsh occur
over a larger depth of the soil profile (i.e. on average 0.28m depth). As a consequence, the reduced groundwater
dynamics in restored tidal marshes are expected to alter the subsurface fluxes of water and nutrients, the source-
sink function and the development of marsh vegetation.
1. Introduction
Tidal marshes deliver many important ecosystem services: they play
an important role in water quality regulation of adjacent estuaries and
coastal areas (e.g. Barbier et al., 2011), carbon sequestration (e.g.
Mcleod et al., 2011), mitigation of shoreline erosion and flood risks
(e.g. Gedan et al., 2011) and they contribute to a large extent to the
estuarine biodiversity (Costanza et al., 1997). During past centuries,
however, many tidal marshes were embanked (i.e. reclaimed by
building of flood defenses) and the soil was drained to gain land for
agricultural, industrial or urban expansion (Bakker et al., 2002;
Dijkema, 1987; Ma et al., 2014), leading to a loss of these ecosystem
services. Within the framework of several legislations such as the EU
Habitats and Water Framework Directive (European Parliament and the
Council of the European Union, 2000), tidal marshes are increasingly
restored on formerly embanked agricultural land (Blackwell et al.,
2004; French, 2006; Wolters et al., 2005). The objective generally is
that these restored tidal marshes develop relatively fast and deliver
ecosystem services comparable to natural marshes. However, more and
more studies show that restored tidal marshes and their ecosystem
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functions and services develop slowly (e.g. Boorman and Hazelden,
2017; Garbutt and Wolters, 2008; Garbutt et al., 2006). Recently, it has
been hypothesized that this slow maturation is linked to differences in
subsurface hydrology between natural and restored marshes (Tempest
et al., 2015), as subsurface groundwater fluxes are determining several
ecosystem processes and services such as water quality regulation
through nutrient cycling (Hughes et al., 1998; Nuttle, 1988) and ve-
getation development (Ursino et al., 2004). A thorough understanding
of groundwater dynamics in restored versus natural tidal marshes is
thus indispensable to propose new solutions to mitigate this problem in
future marsh restoration plans.
Groundwater flow in tidal marsh soils was first described in the
early work of Chapman (1938). A more advanced knowledge of sub-
surface hydrology in tidal marshes was only developed in the last
decades and was to a large extent based on modeling or combined field
and modeling studies (e.g. Gardner, 2005; Harvey et al., 1987; Hemond
and Fifield, 1982; Moffett et al., 2012; Ursino et al., 2004; Wilson and
Gardner, 2006; Xia and Li, 2012; Xin et al., 2011). For example, Harvey
et al. (1987) illustrated the basic movement of groundwater in a salt-
marsh soil: during the rising tide, intertidal creeks gradually fill and
water infiltrates in the creek banks from the moment the surface water
level in the creeks exceeds the groundwater table in the surrounding
marsh soil. Around spring tides, the marsh platform inundates at high
tide and surface water infiltrates into the marsh soil surface. During
falling tide, the groundwater flows towards the creeks and seeps out of
the creek banks, creating a hydraulic gradient towards the creeks.
Tidally induced groundwater level fluctuations are the largest in the
close vicinity of tidal creeks and dampen further in the marsh interior
(Byers and Chmura, 2014; Ursino et al., 2004), where subsurface
drainage is hindered and evapotranspiration is a major contributor for
groundwater abstraction (Hemond and Fifield, 1982; Nuttle, 1988).
Apart from the distance to the nearest creek, drainage is controlled by
the permeability or hydraulic conductivity of the marsh soil (Montalto
et al., 2006). Although the topsoil of many tidal marshes consists of fine
grained, low permeable sediments, recent attention has been given to
the presence of macropores (e.g. crab burrows and root channels),
which might act as preferential flow paths for groundwater in marsh
soils (Cao et al., 2012; Hughes et al., 1998; Susilo and Ridd, 2005; Xin
et al., 2016).
Groundwater dynamics are controlling several key marsh ecosystem
processes. As a result of tidally induced groundwater fluctuations,
marsh sediments are intermittently saturated and unsaturated, inducing
complex aeration conditions, hereby influencing plant development
and the spatial distribution of marsh vegetation (Ursino et al., 2004; Xin
et al., 2009, 2013). Impaired groundwater dynamics resulting in poor
soil drainage may limit establishment and growth of marsh vegetation
(Mendelssohn and Seneca, 1980). Furthermore, groundwater dynamics
affect the soil redox status as more frequently saturated soils tend to
exhibit more reduced conditions, which enhances the emission of me-
thane (Byers and Chmura, 2014; Howes et al., 1981). In more aerated
soils, on the other hand, microbial respiration leads to the emission of
carbon dioxide (e.g. Heinsch et al., 2004). Therefore, groundwater
dynamics influence the rate of carbon sequestration. Groundwater flow
also induces solute exchange between the marsh soil and the surface
water of adjacent estuaries or coastal areas, as pore-water seepage from
creek banks exports substantial amounts of nutrients, such as dissolved
silica (Struyf et al., 2007; Wilson and Gardner, 2006; Yelverton and
Hackney, 1986). Especially flow in macropores enhances the advective
flux of dissolved nutrients through marsh sediments (Harvey et al.,
1995) and limits the diffusion and associated turnover of nutrients in
the subsurface matrix.
When tidal marshes are converted to agriculture, for instance by
dike building, soil drainage and associated soil aeration causes organic
matter in the soil to decompose, leading to subsidence and compaction
through consolidation of sediments (Brooks et al., 2015; Hazelden and
Boorman, 2001; Portnoy, 1999; Spencer et al., 2008). The soil is often
further compacted by the use of heavy farming equipment or trampling
by cattle (Bantilan-Smith et al., 2009; Di Bella et al., 2015; Elschot
et al., 2013; Nolte et al., 2013; Sloey and Hester, 2016). In saline soils,
drainage can lead to soil dispersion, disintegrating the soil structure
even more (Crooks and Pye, 2000). Restoring tidal marshes and their
services on such historically compacted agricultural soils may therefore
be hindered. Although many implications of soil compaction on de-
veloping restored tidal marshes have already been described (e.g. Sloey
and Hester, 2016; Spencer et al., 2008), the link with subsurface hy-
drology is studied only to a limited extent.
Restored tidal marshes typically have a dual layered soil strati-
graphy where the historical agricultural soil is overlain by sediment
that was deposited since the reintroduction of the tidal regime, as is also
the case in our restored site. Crooks and Pye (2000) suggested that
compacted subsoils in tidal marshes might act as an aquaclude (i.e. an
impermeable barrier for groundwater). The aim of this study is (i) to
characterize both the compacted soil layer and the overlying layer of
newly deposited sediment, (ii) to determine how these layers affect
groundwater level fluctuations in a restored tidal freshwater marsh and
(iii) how these groundwater level fluctuations differ from those seen in
a natural freshwater tidal marsh. We hypothesize that soil properties
(organic matter content, bulk density and macroporosity) changed be-
cause of the former agricultural land use, leading to a reduced perme-
ability and reduced groundwater level fluctuations in the restored
marsh compared to the natural marsh.
2. Methods and materials
2.1. Study site description
The study was conducted in the restored marsh “Lippenbroek” and
the natural reference marsh “De Plaat”, described in Beauchard et al.
(2011) and Vandenbruwaene et al. (2011), located in the freshwater
tidal zone of the macro-tidal Scheldt estuary, Hamme, Belgium (51°05′
N, 4°11’ E, Fig. 1). The study sites are situated near the maximum tidal
range of 4m (neap tides) to 6m (spring tides). Salinity varies between
0.5 and 0.75 (Jacobs et al., 2009). Meire et al. (2005) gives a more
detailed description of the Scheldt estuary. The restored marsh site was,
prior to the marsh restoration in 2006, an embanked agricultural area.
Although the exact period of the embankment in Lippenbroek is un-
known, large-scale land reclamation for agriculture in the wider area
dates back from the 13th century. The elevation in the embanked site
did not increase with a rising mean high water level in the river, as was
the case in the natural marsh (Vandenbruwaene et al., 2011), and is
therefore situated around 3m lower than the natural marsh platform
level. To obtain similar tidal conditions following restoration in the
lower elevated agricultural area, the CRT (controlled reduced tide)
approach was applied. In this system, the low elevated area is sur-
rounded by a ring dike and water enters the area at high tide and leaves
the area at low tide through a separate inlet and outlet sluice (Cox et al.,
2006; Maris et al., 2007, Fig. 1), resulting in approximately 3m lower
high water levels in the CRT area compared to the estuary. During the
embankment phase, parts of the site have been used for poplar (Populus
sp.) plantations and in the last three decades before the restoration, an
intensive crop rotation system with mainly maize (Zea mays) and po-
tatoes (Solanum tuberosum) was established. During the phase of con-
struction works needed for the restoration of tidal inundation (i.e.
2003–2006), the area was overgrown with a dense pioneer vegetation
(mainly Epilobium hirsutum and Urtica dioica). Since the reintroduction
of the tides in March 2006, this vegetation was outcompeted by typical
low marsh vegetation (e.g. Phragmites australis, Typha latifolia, Bol-
boschoenus maritimus and Lythrum salicaria) and willow trees (Salix spp.)
on the higher elevated parts (Jacobs et al., 2008). The natural marsh is
located at the riverside of the dike approximately 1 km upstream from
the inlet/outlet structures of the CRT area (Fig. 1). At the study loca-
tion, the dominant plant species are willow trees, Impatiens glandulifera
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and Urtica dioica.
In both the natural and restored marsh sites, the top layer of the
sediment is a typical marsh soil with high amounts of silt (Fig. 2). In the
restored site, the sediment deposited after the reintroduction of the
tides, rests on top of an approximately 2m thick layer of relict agri-
cultural soil, of which especially the upper part is heavily compacted.
This fine grained Holocene sediment is underlain by more sandy
Pleistocene sediment, including glauconite and pieces of peat. The soil
stratigraphy in the natural marsh follows a typical fining upwards
pattern (e.g. O'Connor and Moffett, 2015) with over 60% of sand below
3m depth (Fig. 2a).
2.2. Experimental design
All the data were collected on a transect approximately perpendi-
cular to a tidal creek with a similar depth of approximately 1m (see
locations on Fig. 1). This design is based on insights from literature on
subsurface hydrology in tidal marshes, which state that groundwater
level fluctuations and fluxes are related to the distance from tidal creeks
(e.g. Gardner, 2005; Montalto et al., 2007; Ursino et al., 2004; Wilson
and Gardner, 2006; Xin et al., 2013). We installed five groundwater
monitoring wells with an inner diameter of 41mm, separated 5m and
8m from each other in the natural and the restored marsh, respectively
(Fig. 3). A shorter transect was made in the natural marsh for the reason
that any longer transect would intersect other nearby creeks. The
transect in the natural marsh was located approximately 25m inland
from steep erosion cliffs that delineate the border between the marsh
and the tidal flats. The first monitoring well on both transects was
placed at approximately 1m from the creek edge. The entire subsurface
part of the wells was screened. Filter sand was applied in a gauze
around the wells and the boreholes were sealed off from the surface
with a 5 cm thick bentonite seal. In the restored marsh wells, a second
bentonite seal was applied between the relict agricultural polder soil
and the newly deposited sediment to prevent preferential flow between
the two layers (Fig. 3c). Pressure transducers (Mini Diver®) measured
the groundwater level in the wells at an interval of 2min over an almost
6 months period from October 23rd, 2015 to March 16th, 2016, cov-
ering approximately 10 spring tide – neap tide cycles. Measured
groundwater level data were corrected for atmospheric pressure var-
iations with data from a nearby weather station (www.meteomoes.be),
located between 1 and 2 km from the study sites. Due to the different
correction steps that are needed to obtain the absolute groundwater
level, deviations of a few cm from the true value are possible. As the
dataset mostly covers the winter period when the marsh platform is
unvegetated, but covered with plant detritus, the effect of evapo-
transpiration on the groundwater level was not considered in this study.
Surface water level data were obtained from the Flanders Hydraulics
Research (Waterinfo, 2016). The absolute elevation of the monitoring
wells and the topographic surface profile of the transects, including the
creek profile, were measured with an RTK-DGPS and are presented in m
TAW (the Belgian ordnance level, which at the measuring location
corresponds approximately to the mean low water level). To estimate
the thickness of the deposited sediment layer in the restored marsh, we
took soil cores with a small gouge auger next to the monitoring wells.
The soft newly deposited sediment could easily be removed from the
gouge, while the underlying relict agricultural soil is compact and
therefore tightly fixed in the gouge. As such, the newly deposited se-
diment and underlying relict agricultural soil could be clearly
Fig. 1. (a) Overview map of the study area, (b) situation of the study area in the Scheldt estuary (indicated with an arrow) and situation of the Scheldt estuary in
Belgium and The Netherlands.
Fig. 2. Overview of the volumetric grain size fractions (clay, silt and sand, on
the scale of Wentworth (1922) and Udden (1914) for a soil profile in (a) the
natural and (b) the restored marsh, respectively. Depths are expressed relative
to the soil surface.
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distinguished and the distance between the surface level and the soil
layer transition was measured with a folding rule.
Around each well on the transects, three disturbed soil cores were
taken with a 5 cm wide gouge auger (Fig. 3a and b). Each core was
subsampled into five depth ranges (0–5 cm, 10–15 cm, 20–25 cm,
30–35 cm and 45–50 cm). Around the first and the last monitoring well
on the transects (later referred to as the ‘near-creek zone’ and ‘marsh
interior’, respectively), three undisturbed soil samples were taken be-
tween 10 cm and 15 cm depth (i.e. corresponding with the tidally de-
posited upper sediment layer in the restored marsh) and three samples
between 55 cm and 60 cm depth (i.e. corresponding with the deeper
former agricultural soil in the restored marsh). To minimize compaction
and soil disturbance, a borehole was made with an Edelman auger to
the desired depth and the bottom of the borehole was leveled with a
Riverside auger, after which the undisturbed soil sample was excavated
using a sample ring kit with open ring holder. To allow analysis of these
samples with computed tomography (see further), we used custom-
made, sharp edged PVC sample rings with a height of 50mm and an
inner diameter of 45mm. All samples were cooled before analyses at
4 °C.
2.3. Micro-CT scanning of soil cores
To assess the distribution of macropores and organic matter in the
marsh soil, the twelve undisturbed soil samples taken in the marsh
interior in both areas were imaged using high-resolution X-ray CT
scanning (μCT). This non-destructive technique allows to visualize and
analyze the structure of the object in 3D (Cnudde and Boone, 2013).
The scans were performed at the HECTOR system of the Ghent Uni-
versity Centre for X-ray Tomography (UGCT) described in Masschaele
et al. (2013), using a tube voltage of 140 kV. The resulting datasets
contained approximately 1 gigavoxel (1000³) at an isotropic voxel (i.e.
3D pixel) size of 60³ μm³. The grey value for each voxel represents the
local X-ray attenuation coefficient, which depends on both the chemical
Fig. 3. Experimental set-up and sampling locations drawn on a cross section of the creek and the marsh platform for (a) the natural marsh and (b) the restored marsh.
All soil samples were taken in triplicates. Vertical bars represent the monitoring wells. The design of the monitoring wells is presented in detail in (c) for the restored
marsh and (d) for the natural marsh.
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composition and density of the material. Based on the grey value his-
togram of the complete dataset of all scanned soil cores, threshold va-
lues were manually defined and the grey values were segmented using
Octopus Analysis® (Brabant et al., 2011; Vlassenbroeck et al., 2007) in
one of the following categories: air filled macropores (linear attenua-
tion coefficients < 0.16 cm−1), organic matter or water filled macro-
pores (0.16 cm−1 – 0.40 cm−1) and mineral sediment (> 0.40 cm−1).
Due to a similar X-ray attenuation, resulting in a similar grey value,
water filled macropores and organic matter could not be distinguished.
As a result of the partial volume effect, the grey value of each voxel is
proportional to the weighted average of the linear attenuation coeffi-
cient of the different constituents present within that voxel (Barrett and
Keat, 2004). Therefore, voxels containing both mineral sediment and
air filled macropores have an intermediate value, which might be in the
defined attenuation range of organic matter. After thresholding, voxels
that were erroneously classified as a result of noise or partial volume
effects were removed by applying the binary operations closing and
opening (Brabant et al., 2011; Soille, 1999). The 150 first and last
images (along the z-axis= depth profile) of each sample were not used
in the analyses because they displayed aberrations which were due to
both cone beam artefacts in the CT scans (e.g. Barrett and Keat, 2004)
and disturbance of the sample edges while taking the samples (acci-
dental smearing when removing excess sediment protruding from the
sample rings). 3D renderings of the sediment, organic matter and
macropore fractions were made using VGSTUDIO MAX 3.2 (http://
www.volumegraphics.com, Fig. 6).
2.4. Lab analyses
A subsample of each disturbed soil sample was used to determine
the volumetric grain size distribution with a Mastersizer 2000 (Malvern
Instruments Ltd.) based on laser diffraction after treatment with HCl
and H2O2 to remove organic matter. The fraction of clay, silt and sand
in the samples was determined on the scale of Udden (1914) and
Wentworth (1922) (clay:< 4 μm, silt: 4–63 μm, sand: 63–2000 μm).
The remainder of the samples was dried at 70 °C for at least 48 h to
determine the gravimetric moisture content (weight loss/dry mass). As
samples in both marshes were taken on different days, moisture content
cannot be directly compared between both areas. The gravimetric or-
ganic matter content in the samples was estimated with the loss on
ignition (LOI) method (e.g. Heiri et al., 2001) with a muffle furnace at a
temperature of 550 °C.
After CT-scanning, the vertical saturated hydraulic conductivity of
the undisturbed soil samples was measured with a laboratory permea-
meter in which water seeps through undisturbed soil samples placed in
a container filled with water (Eijkelkamp Agrisearch Equipments,
2013). We used the constant head method for samples with a saturated
hydraulic conductivity higher than 1 cm/day, whereas we used the
falling head method for samples with a lower hydraulic conductivity.
The aim of these measurements was to test the relation between mac-
roporosity and hydraulic conductivity for individual samples, rather
than to obtain an accurate value for the field hydraulic conductivity.
Bulk density was determined as dry mass (105 °C,> 48 h) over total
volume.
2.5. Data analyses
All statistical analyses were performed in R (R Development Core
Team, 2015) and tidal characteristics (inundation time and frequency)
were determined using the ‘Tides’ package (Cox, 2017).
Fig. 4. Soil properties along the transects in the natural marsh (upper panels) and the restored marsh (lower panels) as a function of the depth and distance from the
creek edge (indicated in the upper left corner of each graph). Dark grey, intermediate grey and light grey bars represent the volumetric proportions of clay, silt and
sand, respectively. White lines represent the gravimetric moisture content and black lines represent the loss on ignition (LOI) as a fraction. Horizontal dashed lines
indicate the approximate location (rounded to the nearest sampling interval) of the transition from newly deposited sediment to compacted subsoil. Error bars
indicate the standard deviation (n= 3).




3.1.1. Grain size distribution, gravimetric moisture content and organic
matter content
Grain size distribution (soil texture) and organic matter content
strongly control water retention in soils. In the natural marsh, a higher
proportion of sand is observed close to the creek (Fig. 4). Only in the
upper 5 cm, there is an increasing soil moisture and LOI with an in-
creasing distance from the creek. Below 5 cm, neither grain size dis-
tribution nor moisture and LOI show a clear change in function of depth
or distance from the creek. In contrast, in the restored marsh, two
distinct soil layers can be discerned. The upper layer consists of loosely
packed sediment that was deposited since the first inundation of the
marsh in 2006. Over the transect, this layer has a thickness of
39 ± 4 cm in the marsh interior and 52 ± 4 cm at 1m from the creek.
In the upper 15 cm, the organic matter and moisture content increase
with an increasing distance from the creek. Below 30 cm, in the relict
agricultural soil, both the LOI and moisture content are relatively
constant and low.
3.1.2. Bulk density, macroporosity and saturated hydraulic conductivity
Fig. 5 presents CT-scan images from soil cores in both areas. As-
suming that the mineral fraction has an identical composition in both
areas, which is reasonable as the sediment in both areas originates from
a common source, brighter colors indicate denser packed sediment
particles, i.e. a lower degree of microporosity (Cnudde and Boone,
2013; Spencer et al., 2017). Visual assessment of these images and 3D
renderings of the different components (Fig. 6), revealed that the se-
diment in the natural marsh is intersected by pieces of wood, roots and
macropores both at 15 and at 60 cm depth. Some of these macropores
have the shape of cracks or fissures, whereas others are more irregularly
or tubular-shaped. In the newly deposited sediment of the restored
marsh (at 15 cm depth), hollow plant structures, such as roots or stems
from marsh vegetation, were clearly visible on the CT-scan images, as
Fig. 5. CT-scan images of all the undisturbed soil samples taken in the marsh interior. Brighter areas represent denser sediment. Dark grey areas represent organic
matter or water-filled macropores, black areas represent air-filled macropores. The images show a vertical cross section through the middle of each sample.
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Fig. 6. 3D renderings of the fractions of mineral sediment, organic matter and macropores for one of the triplicate samples taken in the marsh interior of both study
sites. In the renderings of the mineral sediment, lighter areas represent more dense sediment. Very high density mineral inclusions are represented in purple. Labels
on the axes are in mm. (For interpretation of the references to color in this figure legend, the reader is referred to the Web version of this article.)
N. Van Putte, et al. Estuarine, Coastal and Shelf Science 244 (2020) 106101
7
well as large irregular and tubular void spaces (Fig. 5g, h, i, Fig. 6). In
the underlying relict agricultural soil (at 60 cm depth), only few small
tubular and spherical macropores were present (Fig. 5j, k, l, Fig. 6). In
both the natural and restored marsh areas, the creek banks are pierced
by large holes (with diameters of several cm) that are presumably old
root channels or burrows of the Chinese mitten crab (Eriocheir sinensis).
Some of these holes have been observed to drain considerable amounts
of water to the tidal creeks at low tide. Just above the compacted soil, a
zone with large water filled macropores was observed. We hypothesize
that this is a relic of a former ploughing layer.
For the natural marsh, an ANOVA revealed no significant difference
between the volume fraction of air filled macropores nor the volume
fraction of organic matter/water filled macropores for samples taken at
15 cm depth and 60 cm depth (Fig. 7c, Table 1). We did find a sig-
nificant difference between bulk density of the samples (F1,8= 9.39,
p=0.0155). A Tukey's HSD post hoc test indicated that bulk density at
15 cm depth is on average 0.13 g/cm³ higher than the bulk density at
60 cm depth (Fig. 7a). In the restored marsh, both the volume fraction
of air filled macropores and the volume fraction of organic matter/
water filled macropores are significantly higher in the newly deposited
sediment (15 cm depth) than in the compacted subsoil (60 cm depth,
Fig. 7c, Table 1). Bulk density at 15 cm depth is on average 0.62 g/cm³
lower than at 60 cm depth (F1,8= 562.20, p < 0.0001, Fig. 7a). This is
also reflected in a significantly higher linear attenuation coefficient (i.e.
a lower degree of microporosity, Fig. 7d, Table 1). The saturated hy-
draulic conductivity of the layer of newly deposited sediment in the
restored marsh is very variable, and several orders of magnitude higher
compared to both the compacted agricultural soil in the restored marsh,
and the soil in the natural marsh (Fig. 7b).
3.2. Subsurface hydrology
As a result of the different elevation and the CRT design (see be-
fore), the natural and the restored marsh exhibit different inundation
characteristics (Fig. 8), as explained in Cox et al. (2006). During the
measured time span, the studied region in the natural marsh was
flooded in 36% of all tides and the average inundation time was 79min,
whereas the studied region in the restored marsh was flooded during
76% of all tides with an average inundation time of 276min.
The natural and the restored marsh also showed a remarkably dif-
ferent pattern in groundwater dynamics. In between consecutive
Fig. 7. comparison of soil properties measured on undisturbed soil samples
from both the natural and the restored tidal marsh in function of depth and
location in the marsh. Values are displayed as mean ± standard deviation
(n = 3). (a) dry bulk density (b) saturated hydraulic conductivity. Note that the
y-axis is logarithmic. Where the variation between the triplicates was several
orders of magnitude, the individual measurement values are plotted as well
(black bullets). *: actual value was lower than could be accurately measured
with the lab permeameter. (c) volume fraction of air filled macropores and
organic matter/water filled macropores. The latter could not be distinguished
due to a similar X-ray attenuation. (d) Linear attenuation coefficient of the
sediment phase. Note that CT-scans were only performed on samples taken in
the marsh interior.
Table 1
Significance table for macroporosity, organic matter content and linear at-
tenuation coefficient of the sediment phase based on CT-scan data that are
presented in Fig. 7. For both sites, a comparison is made between samples taken
at 15 cm depth and 60 cm depth (n=3). Based on a one-way ANOVA.
Air macropores Organic matter Linear attenuation
F1,4 p F1,4 p F1,4 p
Natural marsh 5.149 0.086 0.007 0.938 1.050 0.3634
Restored marsh 58.167 0.002 26.674 0.007 761.050 <0.001
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inundating tides (determined here as two high tides that inundate the
marsh platform and are separated less than 15 h in time), the ground-
water level in the natural marsh fell on average 28 cm below the marsh
platform in the marsh interior and 36 cm in the near creek zone
(Fig. 9a). In the restored marsh, the decline in groundwater level in
between consecutive inundating tides was on average only 8 cm below
the platform in the marsh interior and 41 cm near the creek. The lowest
groundwater level during neap tide was very much depending on the
number of consecutive non-inundating tides (Fig. 8). Over the mea-
sured timespan, the minimum-recorded groundwater level in the nat-
ural marsh was 72 cm below the surface averaged over the marsh in-
terior and 94 cm near the creek. The minimum groundwater level in the
restored marsh was 49 cm below the surface averaged over the marsh
interior and 67 cm near the creek. In the restored marsh, the ground-
water level is above the transition between the newly deposited sedi-
ment and the compact relict agricultural soil for at least 90% of the
measured time (Fig. 9b). Thus, groundwater level fluctuations occur
over a deeper soil profile in the natural marsh compared to the restored
marsh.
During non-inundating tides, i.e. high tides that inundate the in-
tertidal creeks but that do not flood the vegetated marsh platform, the
groundwater table in the natural marsh rises when water fills the tidal
creeks (Fig. 8). This rise is most prominent close to the creek and less so
further into the marsh interior. In the restored marsh, only the water
level in the monitoring well next to the creek noticeably reacts to a
rising water level in the creek. During inundating tides, the water level
in all the monitoring wells in both areas rises quickly and simulta-
neously with the surface water level from the moment the marsh starts
flooding. When the surface water recedes from the marsh platform, the
water level in the wells decreases approximately logarithmic over time
(Fig. 8). The groundwater level in both the natural and the restored
marsh drops faster close to the creek and slower further away from the
creek, so that over time a hydraulic gradient develops towards the
creek. In the natural marsh, this hydraulic gradient extends throughout
Fig. 8. Water level measured in the monitoring wells in the
natural marsh and the restored marsh for a period from
November 26, 2015 to December 26, 2015 covering two
spring tide (ST) – neap tide (NT) cycles. The grey shaded
areas represent the elevation range between the creek bottom
(CB) elevation and the average marsh platform (MP) eleva-
tion, with the dark grey part representing the old agricultural
polder soil and the light grey part the deposited sediment.
Note that the high water level in the restored marsh does not
correspond to the high water level in the estuary as a result of
the CRT design (see text).
Fig. 9. Cross section of the creek and marsh platform
for (a) the natural marsh and (b) the restored marsh.
Colors represent the proportion of time that the
groundwater level was above the corresponding ele-
vation on the y-axis. The colored region is restricted
to the transect where the measurements took place
and values are linearly interpolated between the five
measuring points. Black lines represent the mean
lowest groundwater level between two consecutive
inundating tides. Error bars represent the standard
deviation of these values. The dotted white line in the
restored marsh (b) indicates the approximate loca-
tion of the transition between the compact agri-
cultural soil and the newly deposited sediment. (For
interpretation of the references to color in this figure
legend, the reader is referred to the Web version of
this article.)
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the entire transect, whereas the hydraulic gradient in the restored
marsh is larger and is only present in the vicinity of the creek (Fig. 8
and 9b). After the last inundation before neap tide, the hydraulic gra-
dient in the natural marsh becomes steeper. In the restored marsh, the
decrease in groundwater level then occurs more equally along the
transect. When the groundwater table approximates the underlying
relict agricultural soil in the restored marsh, the decrease in ground-
water level attenuates (Fig. 8 and 9b).
4. Discussion
Tidal marshes are increasingly restored on formerly embanked
agricultural land to regain important ecosystem services, such as ha-
bitat provisioning and nutrient cycling, which are depending on
groundwater dynamics and hence soil conditions. This study has shed
new light on differences in physical soil properties (including macro-
porosity) and groundwater dynamics between a natural and a restored
freshwater tidal marsh in the Scheldt estuary. Historical land-use in
formerly embanked areas has often resulted in altered soil properties
that may constrain the groundwater dynamics after marsh restoration.
Even after decades, restored tidal marshes often differ significantly
from their natural counterparts concerning e.g. vegetation composition
and biogeochemical functioning (e.g. Boorman and Hazelden, 2017;
Brooks et al., 2015; Craft et al., 1991; Garbutt and Wolters, 2008;
Mossman et al., 2012; Spencer et al., 2008). Although the notion that
both vegetation development and nutrient cycling are strongly related
to subsurface hydrology is well established for natural tidal marshes
(e.g. Hughes et al., 1998; Nuttle, 1988; Wilson et al., 2015), only few
papers (e.g. Montalto and Steenhuis, 2004; Tempest et al., 2015) have
studied subsurface hydrology in restored tidal marshes in comparison to
natural reference marshes. Our results indicate that groundwater level
fluctuations occur over a deeper soil profile in the natural marsh
compared to the restored marsh, where subsurface drainage is hindered
by the compact relict agricultural soil, underlying the newly deposited
sediment. Although the soil in the restored marsh has comparable
texture in both layers, CT-scans and bulk density analyses showed that
the soil in the lower agricultural soil layer is denser packed and has a
significantly lower macroporosity and microporosity, a higher bulk
density and lower LOI than the upper newly deposited sediment layer.
Hence, both vertical and lateral groundwater fluxes are restricted to a
smaller, less deep portion of the soil profile in the restored marsh.
4.1. Changed soil properties as a result of agricultural land use
Both the soil in the natural marsh and the upper layer of the restored
marsh consist of macropores and pieces of organic matter embedded in
a fine grained (mostly silt) sediment matrix. By contrast, only few small
macropores are present in the relict agricultural soil. Contrary to our
results, a recent study of Spencer et al. (2017) in SE England found a
higher macroporosity with higher connectivity of macropores in the
relict agricultural soil of a restored saltmarsh (after so-called managed
realignment) compared to the layer of newly deposited sediment and
the soil in a nearby natural saltmarsh. The micro-CT scans in their study
contain data on a soil profile of 7.4 cm depth with the upper 4 cm being
the newly deposited sediment. Hence, in that study the agricultural soil
was sampled and analyzed directly beneath the newly deposited sedi-
ment, which might be in a relict macroporous ploughing layer (Spencer
et al., 2017). We studied the macroporosity at 55–60 cm depth, which is
much deeper and is considered to exist below such a ploughing layer.
Macropore networks play a very important role in marsh subsurface
hydrology as they form preferential flow paths through which water
can infiltrate (Hughes et al., 1998) and drain (Xin et al., 2009). As a
result, macropore networks increase the hydraulic conductivity of the
soil, especially in otherwise low permeable sediments (Montalto et al.,
2006). In our study, this was apparent in the upper layer of the restored
marsh (Fig. 7). Nevertheless, a relatively low hydraulic conductivity
was measured in the samples from the natural marsh, despite the re-
latively high macroporosity. This observation does not correspond to
the fast decline of water levels in the wells after the tide recedes
(Fig. 8). In our set-up for measuring hydraulic conductivity, only
macropore networks that intersect both the top and bottom of the
sample might significantly affect the hydraulic conductivity measured
with a lab permeameter.
Natural freshwater tidal marshes are built up of sediment that was
deposited by the tidal water over hundreds of years. Together with the
mineral sediment, organic matter is deposited and gets buried within
the soil (Kadiri et al., 2011). During the low water phase, the ground-
water table in the marsh declines, inducing soil aeration (Xin et al.,
2010). As a consequence, buried organic material is partly decomposed,
resulting in the formation of macropores (Beven and Germann, 1982).
Due to the increased soil aeration, more favorable conditions for plant
growth (Ursino et al., 2004) and soil biota (Beauchard et al., 2013;
Schmitz and Harrison, 2004) can develop, leading to a positive feed-
back loop (Luo et al., 2010; Tempest et al., 2015; Ursino et al., 2004;
Xin et al., 2013) as decayed plant roots and burrowing invertebrates
create new macropores. Harvey et al. (1995) found that the volume of
macropores in the soil corresponds to the proportion of soil volume in
which solute transport occurs and that nutrient concentrations can be
three times higher in matrix pores compared to macropores, suggesting
fast flushing of dissolved nutrients through macropore networks. Large
macropores (e.g. crab burrows) in creek banks, as also observed in both
of our field sites, can be responsible for faster groundwater level fluc-
tuations near the creek banks (Montalto et al., 2006).
Tidal marshes are typically restored on low lying agricultural land
that has been subjected to extended periods of drainage and subsequent
subsidence and compaction of the soil, as organic matter is further
mineralized (Iost et al., 2007) and, more recently, heavy farming
equipment is used (Bantilan-Smith et al., 2009; Sloey and Hester,
2016), to which macropore networks are extremely vulnerable (Beven
and Germann, 2013). For saltmarshes, Crooks and Pye (2000) add that
in carbonate deficient soils, the soil fabric may totally collapse when
clay particles disperse after drainage of the saline soil. In our freshwater
study sites, this effect is expected not to play a role. Our study provides
further indication that original marsh soil properties are not reversed in
a reasonable time frame after the reintroduction of the tidal regime,
with major implications for subsurface hydrology.
4.2. Reduced groundwater fluctuations in the restored tidal marsh
Tidally induced groundwater fluctuations in the restored marsh are
restricted to the layer of newly deposited sediment, supporting the
conclusions of Tempest et al. (2015) that the compacted soil, under-
lying this layer, acts as a barrier for groundwater flow. Furthermore, the
groundwater level only approximates the transition of the soil layers
(which is located at approximately 40 cm depth) during extended per-
iods without inundations (i.e. around neap tides). In between con-
secutive inundating tides, the groundwater level in the marsh interior
does not decline to more than 10 cm below the marsh platform. Close to
the creek (< 1m), the groundwater level drops deeper after the tide
recedes and rises with a rising surface water level in the creek, even
during non-inundating tides. We can therefore expect that, in ac-
cordance to the findings of Wilson and Gardner (2006) for numerical
simulations of a natural tidal marsh, the majority of seepage to creeks
originates from groundwater within the first few meters from the creek
edge. This underpins the importance of a dense creek network for the
aeration and biogeochemical cycling of restored tidal marsh soils.
However, compacted soil layers can hamper the incision of creek net-
works (Vandenbruwaene et al., 2012), possibly further reducing the
capability of the marsh to increase its drainage capacity after restora-
tion.
Groundwater level fluctuations in the natural marsh were also
strongest close to the creek and weaker further in the marsh interior,
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but a remarkable decline in groundwater level was still observed at
21m from the creek, which is further than described in most studies
(e.g. Nuttle, 1988) who found that tidally induced groundwater drai-
nage is negligible in a marsh soil further than 15m from the creek. This
may partly be the result of exfiltration through the steep erosion cliffs
that mark the edge of the tidal marsh towards the tidal mudflats, as our
transect was situated around 25m from this approximately 1m high
cliff. As mentioned above, the observed groundwater level decrease
after inundation in the natural marsh was faster than could be expected
based on the measured vertical saturated hydraulic conductivity. This
suggests a more complex situation where groundwater mainly flows
through larger scale macropore networks that may not have been
contained in our soil samples.
In this paper we focused on fluctuations of the groundwater table.
However, in the fine grained soil of both the natural and the restored
tidal marsh, a thick capillary fringe is likely to be present above the
groundwater table (Kong et al., 2015). Where this groundwater table is
shallow, as observed in the restored marsh, the capillary fringe can
extend to the soil surface (Drabsch et al., 1999), limiting soil aeration
and surface water infiltration, and promoting pore water removal by
evaporation (Xin et al., 2017). In order to fully understand the sub-
surface hydrology of restored tidal wetlands, the capillary fringe and
the overlying vadose zone should be considered as well. This requires
measurements of soil water potential or water content and/or numer-
ical simulations in a variably saturated porewater model.
4.3. Implications of reduced groundwater dynamics for ecosystem
functioning
A slow development of soil properties and subsurface hydrology can
have major implications for the ecosystem functions and services of
restored wetlands, which are often targeted and expected to develop
within a certain timeframe (Ballantine et al., 2015). Plant communities
in restored tidal marshes have to cope with higher average groundwater
levels and therefore may differ from plant communities observed in
natural tidal marshes (Brooks et al., 2015; Wolters et al., 2005). These
higher groundwater levels reduce the soil aeration depth. It must,
however, be noted that in tidal marshes with a low hydraulic con-
ductivity (< 8.64 cm/day=10−6m s−1), an unsaturated zone can
persist below the surface even during inundation (Byers and Chmura,
2014; Ursino et al., 2004). Moreover, vegetation oxidizes the sediment
in the root zone (Howes et al., 1981; Kolditz et al., 2009). Besides the
direct effect on groundwater levels, the compact agricultural soil can
also form a barrier for plant roots (Brooks et al., 2015) and burrowing
species (Tempest et al., 2015; Xin et al., 2009), restricting the formation
of macropores and thus hindering a development towards an increased
soil drainage capacity. Furthermore, groundwater dynamics control
several geomorphological processes. In restored tidal marshes, impaired
drainage hampers consolidation of the newly deposited sediment and
hence leads to a low dry bulk density of this sediment, resulting in a
faster increase of the marsh platform elevation with an equal sediment
mass accumulation rate. On the other hand, the less consolidated se-
diment has a lower bulk density and is therefore expected to have a
lower shear strength and to be more vulnerable to erosion (Crooks and
Pye, 2000).
Despite these adverse effects that reduced groundwater drainage
can have on marsh development, a fast development of a vegetation
community comparable to natural freshwater tidal marshes was ob-
served in the studied restored marsh (Jacobs et al., 2009; Oosterlee
et al., 2017). This might be due to the relatively high net accretion rate
of around 0.04m yr−1 in the intermediate elevated parts of the marsh
(Vandenbruwaene et al., 2011).
4.4. Implications for marsh restoration and management
Soil compaction affects subsurface hydrology in restored tidal
wetlands and is therefore a widespread problem in restoration projects.
To enhance surface drainage and to jumpstart further creek formation,
in some marsh restoration projects, artificial creek networks are ex-
cavated in formerly embanked agricultural land before marsh restora-
tion (e.g. Eertman et al., 2002). We expect that such creek initiation
would also enhance groundwater seepage, but, according to our results,
only within the first few meters from the creek edges. To increase in-
filtration and drainage in the marsh interior, we argue that methods
should be sought to increase the hydraulic conductivity of compacted
relict soil layers. One of these methods could be deep ploughing, as
proposed by Brooks et al. (2015) or amending the soil with organic
wastes to induce the development of macropore networks. Further re-
search should indicate whether implementation of these methods
would effectively enhance groundwater flow and biogeochemical cy-
cling in restored tidal marshes.
5. Conclusions
When tidal marshes are restored on formerly embanked agricultural
land that has been subjected to soil compaction, groundwater level
fluctuations are restricted to the layer of newly deposited sediment.
This layer has a high hydraulic conductivity, organic matter content,
macroporosity and a low bulk density. However, the underlying layer of
relict agricultural polder soil, which has a very low hydraulic con-
ductivity, a low micro- and macroporosity, a low organic matter con-
tent and a high bulk density, forms an impermeable layer for ground-
water. As a result, drainage in restored tidal marshes is hindered, which
supposedly affects both vegetation development and nutrient cycling.
Both the hydraulic conductivity (which was found to be affected by the
macroporosity), and the distance from a creek are determining
groundwater level fluctuations in tidal marshes. Therefore, both these
factors should be considered in restoration schemes.
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